This review provides a critical analysis of the biological effects of the most widely used plasticizers, including dibutyl phthalate, diethylhexyl phthalate, dimethyl phthalate, butyl benzyl phthalate and bisphenol A (BPA), on wildlife, with a focus on annelids (both aquatic and terrestrial), molluscs, crustaceans, insects, fish and amphibians. Moreover, the paper provides novel data on the biological effects of some of these plasticizers in invertebrates, fish and amphibians. Phthalates and BPA have been shown to affect reproduction in all studied animal groups, to impair development in crustaceans and amphibians and to induce genetic aberrations. Molluscs, crustaceans and amphibians appear to be especially sensitive to these compounds, and biological effects are observed at environmentally relevant exposures in the low ng l 21 to mg l 21 range. In contrast, most effects in fish (except for disturbance in spermatogenesis) occur at higher concentrations. Most plasticizers appear to act by interfering with the functioning of various hormone systems, but some phthalates have wider pathways of disruption. Effect concentrations of plasticizers in laboratory experiments coincide with measured environmental concentrations, and thus there is a very real potential for effects of these chemicals on some wildlife populations. The most striking gaps in our current knowledge on the impacts of plasticizers on wildlife are the lack of data for long-term exposures to environmentally relevant concentrations and their ecotoxicity when part of complex mixtures. Furthermore, the hazard of plasticizers has been investigated in annelids, molluscs and arthropods only, and given the sensitivity of some invertebrates, effects assessments are warranted in other invertebrate phyla.
INTRODUCTION
The history of phthalate-based plasticizers and bisphenol A (BPA) dates back to the 1920s and 1930s, respectively. Phthalates have been applied as polyvinyl chloride (PVC) additives since 1926, but were also used for healthcare purposes as insect repellents and cercaricides (Ferguson et al. 1946) . The development of BPA had a very different genesis, driven primarily by the search for synthetic oestrogens for clinical use (Cook et al. 1933) . Dodds & Lawson (1936 demonstrated the oestrogenic activity of BPA in ovariectomized rats, but the formulation of a more effective synthetic oestrogen, diethylstilboestrol, at around the same time rendered BPA redundant as a clinical oestrogen . In the 1950s, BPA was rediscovered when a Bayer chemist, Hermann Schnell, reacted BPA with phosgene to produce polycarbonate plastic, and its use in plastics has subsequently become its primary commercial application.
The emollient properties of phthalates and polymerization of BPA have driven their widespread use in the production of plastics (Thompson et al. 2009a,b) . Today, phthalates and BPA are found in many mass-produced products including medical devices, food packaging, perfumes, cosmetics, children's toys, flooring materials, computers, CDs, etc. (Andrady & Neal 2009 ). Phthalates may constitute up to 50 per cent of the total weight of PVC plastics, and their worldwide annual production is approximately 2.7 million metric tonnes (Bauer & Herrmann 1997) . For BPA, worldwide annual production is 2.5 million metric tonnes (Staples et al. 2002) . Plasticizers work by reducing the chemical affinity between molecules when embedded between chains of plastic raw materials (or act as monomers in polycarbonate plastic), but as plasticizers are not especially stable in these products, they can leach out and thus end up in the environment. Phthalates are not classified as persistent compounds (Staples et al. 1997) , but their occurrence in the environment has been reported widely, possibly arguing against a rapid biodegradation in some environments (Fatoki & Vernon 1990; Bauer & Herrmann 1997; Heemken et al. 2001; Fromme et al. 2002; Beauchesne et al. 2007 ). Bisphenol A is easily degraded (Howard 1989) , but nevertheless regularly detected in aquatic ecosystems owing to its continuous release into the environment.
The European Union Environmental Risk Assessment (ERA) reports provide predicted environmental concentrations (PECs) for phthalates and BPA using the European Union System for the Evaluation of Substances (EUSES). The reliability of some of these PECs, however, is disputed as monitoring data from surface waters have found significantly higher environmental concentrations of phthalates. While the PEC for dibutyl phthalate (DBP) is 0.4 mg l 21 and 0.231 mg kg 21 (dry wt.) for water and sediments, respectively (EU 2004), Fatoki & Vernon (1990) report a maximum measured concentration of 33.5 mg l 21 in UK rivers. The ERA draft report calculates a PEC for diethylhexyl phthalate (DEHP) of 2.2 mg l 21 for water and 34 mg kg 21 (dry wt.) for sediments (EU 2006) . This figure is exceeded in some German surface waters where measured concentrations range between 0.33 and 97.8 mg l 21 (Fromme et al. 2002) and in Japanese freshwaters and sediments where peak concentrations have been measured at 58 mg l 21 and 210 000 mg kg 21 (dry wt.), respectively (average concentrations in Japanese sediments range between 46 and 326 mg kg 21 (dry wt.; Naito et al. 2006) . For di-isodecyl phthalate (DIDP), the EUSESbased calculations state PECs of 1.8 mg l 21 in surface waters and 32 mg kg 21 (dry wt.) in sediments (EU 2003a) and for di-isononyl phthalate (DINP), 0.7 mg l 21 in surface waters and 18 mg kg 21 (dry wt.) in sediments (EU 2003b) . There is a lack of data on measured environmental concentrations of these compounds to confirm or refute these calculations.
Bisphenol A is present in many environmental compartments, including the aquatic environment, and enters water systems through point discharges, such as landfill leachates and sewage treatment plant effluents. Concentrations of BPA vary widely in the aquatic environment, but they may even reach concentrations up to 21 mg l 21 in freshwater systems (Crain et al. 2007 ). Concentrations of BPA in sediments are generally several orders of magnitude higher than those in the water column. For example, in the River Elbe in Germany, BPA was measured at 0.776 mg l 21 in the water compared with 343 mg kg 21 (dry wt.) in the sediment (Heemken et al. 2001) . These findings contrast with a PEC of 0.12 mg l 21 for water and 1.6 mg kg 21 (dry wt.) for sediments as indicated by the ERA report for BPA (EU 2003c ).
Heightening our concern about possible health implications of exposure to plasticizers, phthalates and BPA have been shown to bioaccumulate in organisms. Bioconcentration factors (BCFs) for plasticizers, however, appear to differ widely between species. Some of these differences relate to the type and nature of the plasticizers, but others relate to the differences in the experimental designs employed, diet, life and species' history and the tissues investigated. Bioconcentration factors reported in invertebrates are generally higher than those in vertebrates. As an example, for DEHP, BCFs reported are between 42 and 842 in different fish species, but 3600 for the amphipod Gammarus pseudolimnaueus, 2500 in the mussel Mytilus edulis and up to 5380 in the copepod Acartia tonsa (EU 2003d) .
In this review paper, we analyse critically the effects on wildlife of the most prominent plasticizers, with a focus on effects in annelids (both aquatic and terrestrial), molluscs, crustaceans, insects, fish and amphibians. The paper further presents novel data from the authors on the biological effects of some plasticizers on animal species. The paper concludes with an analysis on the level of harm (and the uncertainties) associated with the discharge of plasticizers into the environment and identifies key research needs to address some of the uncertainties.
MATERIAL AND METHODS
In this paper, a series of experiments are reported upon that provide novel data on the effects of butyl benzyl phthalate (BBP) on a fish (Danio rerio) and BPA on a crustacean (A. tonsa) and an amphibian (Xenopus laevis). These experiments are described briefly, as detailed information on study designs can be obtained from the references cited.
(a) Danio rerio (zebrafish) A study was conducted to investigate the effects of BBP on reproduction in adult D. rerio. Fish were maintained in breeding colonies of six males and six females, according to Santos et al. (2007) . The chemical exposure tanks were set up in duplicate and dosed with 0 (solvent controls with methanol ,0.01‰), 3, 6 and 15 mg BBP l 21 and run for 20 days. The total number of eggs produced and the number of viable embryos at 8 h post fertilization (hpf) were determined according to Santos et al. (2007) . At the end of the experiment, quantification of vitellogenin (VTG) in the plasma was performed according to Fenske et al. (2001) , with an adjustment of the primary VTG antibody concentrations to 1 : 10 000 and a primary antibody incubation time of 30 min. One gonad from all parent males was dissected and immediately used for sperm quantity and motility assessments (as measures of sperm quality) using computer-assisted sperm analysis (CASA, v. 7V3B; Hobson Vision Ltd, UK) on a Hobson sperm tracker (Hobson Vision Ltd), according to the protocols and settings described in Santos et al. (2007) .
Water samples were collected from each tank on days 1, 4, 7, 14 and 20, fixed with 5% methanol (Fisher, UK), extracted using Sep-Pack C18 cartridges (Waters Corporation, USA) and BBP concentrations of the extracted samples were determined by HPLC analysis (Shimadzu, USA). Samples were analysed through separation on a C18 column (Spherisorb ODS2) using an isocratic gradient of 70 per cent methanol in water, and the absorbance was monitored at 277 nm on a UV HPLC detector (Applied Biosystems, UK). Quantification was achieved by comparison of the absorbance of the BBP peak in each sample with the absorbance of serially diluted BBP standards (ranging from 0.0001 to 1 mg ml
21
). The statistical comparisons on the VTG and fecundity data were performed using one-way ANOVA followed by Tukey's multiple comparison posttest analysis (using JANDEL Sigmastat 2.0 statistical software). The sperm data were arcsine transformed before a one-way ANOVA and Tukey's multiple comparison post-test analysis using Excel (Microsoft Excel 2002) and GraphPad Prism (v. 4.02, San Diego, CA, USA).
(b) Acartia tonsa (calanoid copepod, Crustacea) Full life-cycle experiments were conducted with A. tonsa, starting with eggs and extending for three weeks to reproductively active adults, with BPA following an OECD guideline proposal (Kusk & Wollenberger 2007 ) with minor modifications. Animals were exposed in mass cultures (800 ml of medium/test solution with 400 copepods). Nominal BPA test concentrations were 10, 50, 100, 300, 1000 mg l
. Semi-static exposures were performed at 20 + 0.58C with a photoperiod of 12 L : 12 D cycle using a synthetic seawater medium with a salinity of 18‰ (Kusk & Wollenberger 1999) . On day 14, the number of eggs produced within a 24 h period was determined in isolated groups of 5 females (5 replicates per concentration, 10 control groups) and expressed as eggs per female. Eggs produced on day 18 were transferred to a clean medium (6 replicates per concentration, each containing 30 eggs) in order to observe the hatching rate and larval mortality of the second generation, determined on day 21. The larval development ratio (LDR), describing the proportion of animals completing metamorphosis from the nauplius to the copepodite morphology, was recorded on day 5. The LDR test (Wollenberger et al. 2005) was conducted in parallel to the exposure of the mass culture under the same exposure conditions, with nominal BPA concentrations of 30, 60, 125, 250, 500, 1000 mg l
, with 4 replicates per concentration, each containing 30 copepods and 12 control groups.
(c) Xenopus laevis (African clawed frog) The impacts of BPA on the thyroid system of X. laevis were determined as described previously for tetrabromobisphenol A by Jagnytsch et al. (2006) . Briefly, the levels of thyroid receptor b (TRb) mRNA were measured in the brain as biomarker for the bioavailability of thyroid hormones (THs) . Bisphenol A was applied at concentrations ranging between 2.5 and 500 mg l 21 (2.5, 25, 250, 500 mg l
) with 2 replicates per concentration and 20 tadpoles per replicate in a long-term Xenopus metamorphosis assay (XEMA 21 d) and at BPA concentrations of 100, 250 and 500 mg l 21 with and without 0.1 and 1.0 nM tri-iodothyronine (T3) in short-term exposures for 1, 2 and 3 days (starting with duplicate tanks, each containing 30 tadpoles/aquarium and subsampling 10 individuals in each replicate every day). The effects of exposure to BPA during larval development on sexual differentiation were also investigated, using a flow-through system, to the point of completion of metamorphosis (see Lutz et al. 2008 for details of protocol). Briefly, tadpoles were exposed to BPA at concentrations of 10 ) and to dilution water without BPA (negative control). A positive oestrogen control was also included (0.2 mg 17b-oestradiol l
). In this study, there were 4 replicates for all treatments, and 25 individual tadpoles were exposed in each tank (n ¼ 100 per treatment). The endpoints investigated were survival rate, time to completion of metamorphosis, weight, sex (based on gross morphology) and histology of testes. In addition, gene expression for hepatic insulin-like growth factor-I (IGF-I) and VTG mRNA was analysed in male X. laevis immediately at completion of metamorphosis using semi-quantitative RT-PCR, as described previously .
RESULTS AND DISCUSSION
(a) Effects of phthalates Assessing the biological effects of phthalates such as DEHP in aquatic environments presents a significant challenge owing to its low water solubility and its tendency to form colloidal dispersions above 3 mg l
21
. Many experiments exposing DEHP via the water at concentrations .3 mg l 21 have, nevertheless, clearly established concentration-related biological effects (Forget-Leray et al. 2005) . Despite this, risk assessments of DEHP in Japan (Naito et al. 2006 ) and the EU (EU 2003d) have disregarded most studies adopting concentrations .3 mg l
, and the Japanese assessment has set the threshold effect level (PNEC) to 3 mg DEHP l 21 (Naito et al. 2006) . This omission needs addressing given the effects reported for this phthalate in this review. Working with other highly lipophilic phthalates presents similar solubility problems as for DEHP. Di-isononyl phthalate and DIDP have a log K ow of 8.8 and a water solubility of only 0.2 mg l 21 (EU 2003a,b) , which makes them even more difficult to handle in aquatic media than DEHP.
(i) Annelids and molluscs Despite their ecological importance, annelids and molluscs have received relatively little attention in assessing the effects of plasticizers compared with vertebrates or other invertebrates (especially crustaceans and insects; Weltje & Schulte-Oehlmann 2007) . Early investigations on annelids and molluscs Review. Effects of plasticizers on wildlife J. Oehlmann et al. 2049 focused on bioaccumulation and acute toxicity of phthalates, but more recently, wider biological effects have been shown, including mitotic inhibition, induction of chromosomal aberrations and effects on larval development.
Considering soil-dwelling organisms, studies on the uptake and toxicity of the phthalates dimethyl phthalate (DMP), diethyl phthalate (DEP), DBP and DEHP (at a concentration of 5 mg kg 21 for 25 days) in the worm Eisenia fetida have shown that high molecular weight phthalates (DBP and DEHP) were incorporated but with relatively low accumulation factors (0.242-0.307 and 0.073-0.244, respectively), and DMP and DEP were apparently not taken up (Xiao-yu et al. 2005) . It is possible that the lack of any uptake of DMP and DEP may be as a consequence of their higher microbial degradation rates and a faster metabolic degradation (Albro et al. 1993) . Neuhauser et al. (1986) investigated the acute toxicity of phthalates and found similar LC 50 values (1064-3335 mg kg 21 for a 14 day soil exposure) for DMP in four soil-dwelling annelid species (Allolobophora tuberculata, E. fetida, Eudrilus eugeniae, Perionyx excavatus). Together, these studies demonstrate that phthalates enter terrestrial worms, but they have a low acute toxicity. It is worth emphasizing that soils can receive very high inputs of phthalates, and the total amount of DEHP deposited in US landfills to 1992 has been estimated at 5 million metric tonnes.
Comparisons of the acute toxicity of several phthalate esters [DMP, DEP, DBP, BBP, di-n-hexylphthalate (DHP) and DEHP] in various aquatic organisms including the annelid Lumbriculus variegatus have shown that the higher molecular weight phthalates DHP and DEHP were not acutely toxic for the concentration range tested (,2.3-47.8 mg DHP l
, 10.2-69.1 mg DEHP l
; Call et al. 2001) . The toxicity of lower molecular weight phthalates was positively correlated with their K ow , indicating non-polar narcosis as the underlying mode of action. The same study found L. variegatus was the species least sensitive to DMP; the 10 day LC 50 (10 day) was 246, compared with 28.1 and 68.2 mg l 21 for the crustacean Hyalella azteca and the insect Chironomus tentans, respectively. In adult marine tubeworms Pomatoceros lamarckii, exposure to DMP was shown to decrease fertilization success at a threshold concentration of 1Â10 25 M DMP (1.94 mg l
) and induce a significant increase in the number of aberrations in chromosome separations in oocytes at anaphase at concentrations !1Â10 27 M (19.4 mg l
) (Dixon et al. 1999; Wilson et al. 2002) . DMP has been shown to affect larval development in the polychaete worm at a threshold concentration !1 Â 10 25 M (1.94 mg l
). The effects of phthalates have also been studied on various biochemical pathways such as antioxidant and peroxisomal marker enzymes in marine mussels (Mytilus galloprovincialis, Orbea et al. 2002; M. edulis, Cajaraville & Ortiz-Zarragoitia 2006) . Exposure to 500 mg DEHP l 21 for 21 days was shown to result in a significant increase in the catalase and acyl-CoA oxidase (AOX) activity and an inhibition of the superoxide and manganate superoxide dismutase in M. galloprovincialis. The peroxisomal volume density in the digestive gland of M. edulis was significantly enhanced at 50 mg diallylphthalate (DAP) per litre after three weeks exposure, whereas the chemical had no significant effect on AOX activity in this species (Cajaraville & Ortiz-Zarragoitia 2006) . DAP was able to decrease the phospho-protein level (a mussel VTG-like protein) but did not impair ovarian follicles, oocytes and spermatogenesis in M. edulis when exposed to 50 mg DAP l 21 for three weeks (Aarab et al. 2006) . In another 21 day study, DAP was also shown to increase micronuclei frequency, a marker of genotoxicity, and fragmented-apoptotic cells in the gills of M. edulis at 50 mg DAP l 21 (Baršienė et al. 2006) .
Very few studies have considered the effects of phthalates on annelid or mollusc populations, but Tagatz et al. (1986) found that exposure to DBP altered the community structure and colonization profile of the zoomacrobenthos under laboratory and field conditions. The densities of molluscs and echinoderms were reduced by 49 and 97 per cent, while no effects were seen in annelids, arthropods, chordates and other groups (at concentrations of 10-1000 mg kg 21 over eight weeks).
(ii) Crustaceans and insects Lower molecular weight phthalates that are relatively water soluble (Howard et al. 1985) , for DMP, DEP and DBP, respectively (Jonsson & Baun 2003) . Acute toxicity for phthalates, however, differs significantly for different species of crustaceans. Hyalella azteca is 10-20-fold more sensitive than D. magna, although the higher molecular weight phthalates DHP and DEHP did not exhibit toxic effects in H. azteca even at concentrations up to 22.5 mg DHP l 21 and 59.0 mg DEHP l 21 (Call et al. 2001) . Other effects of DBP reported in crustaceans include decreased locomotor activity in Gammarus pulex at an exposure concentration of 500 mg l 21 (Thuren & Woin 1991) .
In the Drosophila melanogaster BII cell line, DEP exhibited a weak ecdysteroid antagonistic activity (Dinan et al. 2001) . However, the concentrations required to cause an effect were several orders of magnitude higher than that for 20-hydroxy ecdysone, thus classifying DEP as a very weak environmental anti-ecdysteroid only.
DEHP has been shown to induce sublethal effects in Chironomus riparius, and the exposure of larvae resulted in an increased female body volume at exposure concentrations of 0.3 mg l 21 (Kwak & Lee 2005) . It also increased the expression of heat shock protein (HSP) and haemoglobin genes in exposed larvae of C. tentans at a concentration of 0.5 mg l 21 (Lee et al. 2006a ), but the same compound was not acutely toxic to this species at concentrations up to 69.1 mg DEHP l 21 (Call et al. 2001) . The significance of such effects on gene expression is not known, but in vertebrates, HSPs are involved in steroid hormone receptor stabilization and activation (Gillesby & Zacharewski 1998 ) and if they act similarly in arthropods, a change in the HSP70 titre might result in a disruption of the ecdysone axis by influencing the ecdysone receptor.
(iii) Fish Given the widespread occurrence of phthalates in the aquatic environment, fish are also likely to be exposed to phthalates via the water column, food and/or via the sediments, depending on their ecological niche. In support of this, a study in wild fish in The Netherlands measured median concentrations of DEHP and DBP at 1.7 and 1.0 mg kg 21 (wet wt.), respectively, with 95th percentile values reaching up to 141 mg DEHP kg 21 and 26 mg DBP kg 21 (wet wt.) (Peijnenburg & Struijs 2006) . Laboratory studies have further shown that phthalates bioconcentrate in fish. For example, the BCF for DEHP was 120 in the carp and for BBP, 9.4 in bluegill sunfish (Staples et al. 1997) . The presence of phthalates in wild fish and their ability to concentrate in body tissues demonstrate their potential to induce adverse effects on the health of wild populations, but there has been little bearing on this expectation.
Very few studies have comprehensively addressed the biological effects of phthalates on fish, and in vivo studies have reported mixed findings. BBP has been reported to be oestrogenic and induces VTG synthesis in male fathead minnow (Pimephales promelas) at a concentration of 100 mg l 21 via the water (Harries et al. 2000) , and, similarly, to induce VTG in carp (Cyprinus carpio) exposed to 1 -20 mg DEP l 21 over a period of four weeks (Barse et al. 2007) . In salmon (Salmo salar), exposure to 1500 mg DEHP kg 21 in the food for a prolonged period (four months) during early life resulted in a small incidence of intersex (Norman et al. 2007 ). These in vivo effects are consistent with the mode of action of BBP and DEHP established in vitro where they have been shown to bind to the oestrogen receptor (ER) and elicit a weakly oestrogenic response in fish cell cultures (Jobling et al. 1995) and in the yeast oestrogen screen (YES; containing the human ER) (Harris et al. 1997) . In female Japanese medaka (Oryzias latipes), exposure to concentrations in excess of 1 mg DEHP l 21 caused a marked reduction in both VTG and in the percentage of females containing mature oocytes, suggesting an anti-oestrogenic mode of action (Kim et al. 2002) . This anti-oestrogenic effect presumably arises through competition with the endogenous oestrogens for the receptor. In vitro receptor interaction studies have also shown that BBP and DEHP possess antiandrogenic activity (Sohoni & Sumpter 1998) . Other in vivo effects of phthalates in fish include effects on the metabolic pathways involved in steroid biosynthesis and metabolism. In a study by Thibaut & Porte (2004) , DEHP and DBP altered the activity of enzymes involved in the synthesis of endogenous steroid hormones and their metabolism in carp, effects that can lead to the alteration of the balance between endogenous oestrogens and androgens, and thus alterations in their reproductive physiology. These findings are supported by studies in mammals in which phthalates have also been shown to alter the expression and enzymatic activity of enzymes involved in the synthesis and metabolism of sex steroids in the testis (Liu et al. 2005) . In fish, exposures to low mg l 21 concentrations of DEP have been shown to induce alterations in a number of enzymes in the liver and muscle, including phosphatases and transaminases, showing a disruptive effect on general metabolic functions (Barse et al. 2007 ). Other studies have also reported that, potentially, the most relevant mechanism of action of phthalates is via binding to the peroxisome proliferator-activated receptors (PPARs) and modulation of the transcriptional events coordinated by this molecular pathway, which includes steroid hormone metabolism (Fan et al. 2004) .
Exposures to phthalates have also been shown to alter behaviour in fish. Exposure to 100 mg BBP l 21 , via the water, caused alterations in shoaling and feeding behaviour in three-spined stickleback (Gasterosteus aculeatus) (Wibe et al. 2002 (Wibe et al. , 2004 , and exposure to 5 mg DEP l 21 caused alterations in the general behaviour of common carp (Barse et al. 2007) . It should be noted that these studies have employed very high exposure concentrations, and these are unlikely to occur in the water column in part owing to their low solubility. Exceptions to this may be for fish living in/closely associated with the sediments in heavily contaminated environments. Exposures of fish to lower levels of phthalates have generally found no adverse effects. As an example, exposure of Japanese medaka to 21.9 and 19.3 mg g 21 DINP and DIDP, respectively, via the diet, with a daily feeding regime of 5 per cent of the body weight, failed to identify any effects on reproduction (gonad somatic index, egg production, embryo survival and sex ratios), growth or survival in a multi-generational study (14 days post fertilization (dpf) to 140 dpf of the F1 generation) (Patyna et al. 2006) . Similarly, exposure of medaka to concentrations up to 5 mg DEHP l 21 for 90 days post-hatch did not affect germ cell development (Metcalfe et al. 2001) .
In our exposure of adult breeding zebrafish to BBP, measured concentrations in the tank water were 3, 6 and 15 mg l 21 over the exposure period. Exposure to BBP did not affect the concentration of VTG in the plasma at any of the concentrations tested in males (VTG concentrations in the plasma were 1310 + 255; 1500 + 358; 948 + 141; 1300 + 318; 1640 + 220 ng ml 21 for the water control, solvent control, 3, 6 and 15 mg l 21 BBP, respectively; n ¼ 9-12 males per treatment group). Similarly, there was no evidence of any chemical effect on the number of eggs spawned; the total number of eggs spawned per colony over the assessment period ranged between 4109 and 7578 with a maximum of 727 eggs spawned by a single colony on a single day, with a mean number of eggs spawned per female per day (including days with no eggs) of 22.2 + 1.4; 21.3 + 1.4; 18.4 + 0.8; 21.6 + 1.7; 28.5 + 1.4 prior to exposure and 19.5 + 1.6; 27.0 + 1.7; 21.1 + 1.2; 25.0 + 2.1; 32.5 + 1.4 during the exposure for the water control, solvent control, 3, 6 and 15 mg BBP l
, respectively. Furthermore, there were no effects of BBP on the mean percentage viability of embryos at 8 hpf (figure 1). These results are in agreement with reports in the literature, where VTG Review. Effects of plasticizers on wildlife J. Oehlmann et al. 2051 induction in males, or reproductive effects on females, has been induced only at exposure concentrations that far exceed the measured concentrations in our study. In contrast, however, we found consistent changes in parameters of sperm quality in BBP-exposed male zebrafish. The solvent adopted (methanol) had a negative effect on zebrafish sperm motility compared with the water control after 20 days of exposure (mean curvilinear velocity of 14 mm s 21 (mean) and 25 mm s 21 , respectively, p , 0.05, figure 2a), and BBP exposure resulted in a concentration-dependent enhancement in curvilinear velocity of the solvent-affected sperm. At the highest concentration tested (15 mg BBP l 21 ), the average curvilinear velocity of the sperm was restored to levels similar to those found in the water control tanks (31 mm s
; figure 2a ). Both the number of sperm tracked and the linearity of the sperm movement showed patterns similar to those described for the curvilinear velocity ( figure 2b,c) .
The ability of BBP to reverse the adverse effect of the methanol on sperm number and motility is a novel finding, and we hypothesize that this may have resulted from an interaction of BBP with the PPAR receptor, which leads to increased oxidative stress in the testis, as demonstrated in mammals for phthalates (reviewed in Corton & Lapinskas 2005) . In the final stages of sperm development, maturation and activation are crucially dependent on the oxidative balance within the seminiferous tubes and in the sperm itself. Exposure to methanol may have reduced the free oxygen radicals required to promote sperm maturation and activation, and this effect may have been reversed by the increase in free radicals caused by the BBP exposure. The ethanol metabolite, acetaldehyde, has been shown to block the action of PPARs in vitro (Galli et al. 2001) , suggesting a mechanism by which sperm motility might be reduced in fish exposed to a solvent. Exposure to BBP in the solvent carrier may counterbalance this effect, restoring the normal motility of the sperm. The increase in oxidative stress within the testis as a result of phthalate exposure has been previously observed in mammalian systems, including in rats (Kasahara et al. 2002) , and this effect was shown to be mediated through activation of PPAR pathways.
(iv) Amphibians Studies on phthalates in amphibians (reviewed in Kloas 2002 ) are less extensive than those in fish and some invertebrates. The effects of plasticizers in amphibians have been focused on their toxicity, their potential to induce teratogenic effects and their endocrine-disrupting activities, most notably effects on reproduction, sexual differentiation and the thyroid system. Focusing on toxicity, Larsson & Thurén (1987) found that exposure of Rana arvalis eggs to DEHP via sediment decreased successful hatchings with increasing concentrations and deduced a no observed effect concentration (NOEC) of 10 mg kg 21 fresh weight. Studies with DBP using the frog embryo teratogenesis assay Xenopus (FETAX) have shown developmental malformations at 500 mg l 21 and enhanced mortality rates at concentrations of 10 and 15 mg l 21 ). DBP has also been shown to affect sexual differentiation in male Rana rugosa tadpoles, delaying gonadal development (Ohtani et al. 2000) and altering the spermatogenesis process in eight-month-old X. laevis after exposure during larval development (at 1-10 mg DBP l 21 from stage 52 to completion of metamorphosis; . Studies in Xenopus investigating the potential for phthalates to bind to the ER via competitive displacement experiments with cytosolic liver preparations have found that DEP has only a moderate affinity for the ER . Parallel in vitro studies using X. laevis primary hepatocytes, however, have shown that ).
(b) Effects of bisphenol A (i) Annelids and molluscs
There is only one study reporting effects of BPA in annelids (Biggers & Laufer 2004) , where BPA induced metamorphosis and settlement in 2-day-old Capitella capitata metatrochophore larvae (a marine polychaete), following a 1 h exposure at 11.4 mg l
21
. In contrast, there has been considerably more research investigating the effects of BPA in molluscs, where most has been focused on gastropods and bivalves. Oehlmann et al. (2000) have reported that exposure of ramshorn snails (Marisa cornuarietis) to BPA induced a superfeminization syndrome at all nominal concentrations tested (1, 5, 25, 100 mg BPA l egg production outside the main spawning season and increased female mortality (13.3-15.7% in exposed snails compared with control mortality of 3.8%). Effects were concentration dependent (except for mortality) and statistically significant at every test concentration. Limitations on this first study included the lack of analytical confirmation of the exposure regimes, a lack of replication and the absence of a positive control. However, two follow-up exposures employing these features confirmed the original findings (Schulte- Oehlmann et al. 2001; Oehlmann et al. 2006) . Schulte-Oehlmann et al. (2001) investigated the effects of BPA at different phases of the reproductive cycle at concentrations of 0.05, 0.1, 0.25, 0.5 and 1.0 mg l 21 over 180 days. Before and after the main spawning season, superfemales were observed with oviduct malformations and a significantly increased egg production in all treated groups except the lowest test concentration. During the peak spawning period, no effect of BPA was seen on spawning levels, probably because spawning activity in the controls increased six-fold at this time, masking any effect seen for pre-and post-spawning periods. Calculated NOEC and EC 10 values in this experiment were 7.9 and 13.9 ng BPA l 21 for egg production, respectively, based on measured concentrations in the tanks. Oehlmann et al. (2006) demonstrated that the effects of BPA on reproductive output and oviduct malformations in the ramshorn snail were temperature dependent. Sexually mature snails (2 replicates of 30) were exposed to 0.25, 0.5, 1, and 5 mg BPA l 21 for five months outside the main spawning season at either 20 or 278C. As was seen previously, exposure to BPA at 208C produced significantly more eggs compared with controls. The calculated EC 10 value was 14.8 ng l 21 for egg production, supporting the results from Schulte- Oehlmann et al. (2001) . In contrast, at 278C, none of the treatment groups produced more eggs per female compared with controls. At this temperature, however, reproductive output in controls was considerably higher, probably masking the stimulatory effects of BPA that occurred at lower temperatures. In contrast with these findings, Forbes et al. (2007) found no effects of BPA on fecundity, mortality and hatchability in M. cornuarietis when exposed to 0, 0.1, 1.0, 16, 160 or 640 mg BPA l 21 for 12 weeks. However, in that study, snails were exposed at temperatures of 25 + 18C, potentially masking the effects of BPA. Furthermore, the study also lacked a positive control, making accurate interpretations on these data difficult.
The mud snail Potamopyrgus antipodarum has also been shown to be sensitive to BPA when exposed via sediments with a stimulation in embryo production at an EC 50 of 5.67 mg kg 21 and an EC 10 of 0.19 mg kg 21 after four weeks of exposure (Duft et al. 2003) . In another study on mud snails, exposure via the water to 1, 5, 25 and 100 mg BPA l 21 also stimulated embryo production (and additionally for the ethinyloestradiol-positive controls) with significant effects at a concentration of 5 mg BPA l 21 (NOEC 1 mg BPA l
; Jobling et al. 2004) . Bisphenol A effects have also been studied in bivalves, notably Mytilus species. In M. edulis, BPA (at 50 mg l 21 for three weeks) has been shown to increase the phospho-protein levels, induce spawning in both sexes, damage oocytes and ovarian follicles (Aarab et al. 2006) and induce increased micronuclei frequency in gill cells (Baršienė et al. 2006) . Canesi et al. (2005) showed that BPA at a nominal concentration of 25 nM (5.7 mg BPA l 21 ) in the haemolymph caused a significant lysosomal membrane destabilization in haemocytes in M. galloprovincialis. Canesi et al. (2007a) evaluated the lysosomal membrane destabilization in extracted haemocytes of the same species and reported an NOEC of 1 mM and a corresponding EC 50 value of 34.5 mM (7.87 mg l
). Furthermore, BPA induced significant changes in the phosphorylation of MAP kinases and STAT factors, resulting in a decrease in phosphorylation of the stress-activated p38 MAPK and CREB-like transcription factor (cAMP-responsive element binding protein). The MAP-kinase pathway is important in embryogenesis, cell growth, differentiation and apoptosis, and disturbances of STAT signalling favour tumour development by compromising the immune surveillance. Thus the findings of Canesi et al. (2007a) may have significant implications for mussel health. Canesi et al. (2007b) also reported altered patterns of gene expression and activity of enzymes involved in the redox balance following an injection of BPA into the posterior adductor muscle (at nominal doses of 3, 15 and 60 ng BPA g 21 dry wt.). In the digestive gland, an increased expression of the Mytilus ER (MeER2) was observed at the lowest test concentration 24 h after injection, whereas results for the higher test concentrations were not significant. The positive control 17b-oestradiol had the same effect on both receptors (MeER1, MeER2). Metallothionein MT20 gene expression was significantly downregulated; catalase, GSH transferase and GSSG reductase exhibited a changed activity pattern and total glutathione content was enhanced at all test concentrations. Unlike for the phthalate DAP, a study by Cajaraville & Ortiz-Zarragoitia (2006) found no effects of BPA on AOX activity or peroxisomal volume density.
(ii) Crustaceans and insects Bisphenol A has been shown to be acutely toxic in the high mg l 21 range in crustaceans and aquatic insects. In D. magna, nominal IC/LC 50 values vary widely, at between 240 and 12 800 mg l 21 (Chen et al. 2002; Hirano et al. 2004; Park & Choi 2007) . The lowest acute value, an IC 50 for D. magna of 240 mg l
, for 24 h (Park & Choi 2007) , is remarkably low compared with other studies and also compared with studies for effects on reproduction in D. magna (Brennan et al. 2006) . Differences in chemical sensitivity have been shown to occur between strains of D. magna (Baird et al. 1991) ; therefore, Park & Choi (2007) may have been working with an especially sensitive strain. Applying the Comet assay to this sensitive strain, DNA breakage occurred at 2.1 mg BPA l 21 (Park & Choi 2007) .
Generally in D. magna, chronic BPA effects are observed at concentrations slightly below those that are acutely toxic. Bisphenol A inhibits reproduction and development rates with an NOEC of 1000 mg l 21 (Brennan et al. 2006 ) and affected intermolt duration at 9000 mg l 21 (Mu et al. 2005 ). In the marine copepods A. tonsa and Tigriopus japonicus, BPA has been shown to inhibit development at 100 and 0.1 mg l
, respectively (Andersen et al. 2001; Marcial et al. 2003) . A significant stimulation of larval development in A. tonsa was, however, observed at 12.5-50 mg l 21 (Mariager 2001) , which was also seen in our own experiments at 30 and 60 mg l
, reported in this paper. In 10-day-old A. tonsa, there was an initial increased egg production at 20 mg l 21 BPA (Andersen et al. 1999) , possibly indicating an accelerated rate of maturation owing to a higher development rate of the early life stages at this exposure concentration. In our experiments with fully mature A. tonsa (14 days old), egg production was reduced at a lowest observed effect concentration (LOEC) of 300 mg BPA l 21 . Furthermore, in subsequent female offspring derived from exposed parents (to all test concentrations of BPA down to and including 50 mg l 21 ), the hatching rate was significantly reduced. Mortality in second-generation larvae was also significantly higher compared with controls. These results indicate a maternal transfer of BPA into the developing eggs and/or a disrupting effect during oogenesis. In conclusion, these datasets show that concentrations of BPA between 10 and 60 mg l 21 in the water stimulated development and growth of A. tonsa, while concentrations of 100 mg l 21 and higher inhibited development, growth and egg production.
In studies on C. riparius exposed to BPA via spiked sediments, emergence of second-generation individuals was delayed (at a water phase concentration of 78 ng BPA l 21 and higher, Watts et al. 2001) . This observation may have resulted from effects of BPA on the levels of HSP, which has been observed in Gammarus fossarum exposed to BPA (Schirling et al. 2006) . In this study, a 34 day exposure to 50 and 500 mg BPA l 21 accelerated maturation of oocytes, reduced the number of offspring produced and resulted in reduced levels of HSP. However, in C. tentans, the expression of HSP70 genes has been shown to be stimulated at concentrations down to 8 mg BPA l
(the lowest concentration applied; Lee et al. 2006a ). In the D. melanogaster BII cell line, BPA was shown to act as an ecdysteroid antagonist, but only at a high exposure concentration of 22.8 mg l 21 (Dinan et al. 2001) . Studies combining BPA with other chemicals have shown interactive effects, affecting the number of embryo abnormalities and offspring emergence (Mu et al. 2005; Wang et al. 2005) . In summary, for studies in aquatic arthropods, BPA appears to interfere with their hormone systems-possibly by affecting the synthesis of HSPs and/or by interfering with the ecdysone receptor itself-and causes adverse effects at concentrations in the low mg l 21 range.
(iii) Fish Studies in vitro using the YES have clearly established that BPA has the ability to act as an oestrogenic substance in vertebrates by directly binding and activating the ER (Harris et al. 1997) . In parallel, studies using a human breast cancer cell line (MCF7) have demonstrated that BPA is able to elicit an oestrogenic response similar to that induced by natural oestrogens (Olea et al. 1996) . In these studies, the concentrations required to cause an effect, however, were several orders of magnitude higher than that for oestradiol, thus classifying BPA as a weak environmental oestrogen in vertebrates.
The presence of BPA in rivers and streams at relatively high concentrations (up to 21 mg l
, Crain et al. 2007 ) has led to significant research efforts investigating its biological effects in fish. Consistent with these findings, BPA has been shown to have feminizing effects in vivo and to induce VTG and/or zona radiata proteins (ZRPs) synthesis in a diverse range of fish species (carp, 100 mg l ) decreases the ratio of oestrogen to androgen in the plasma, whereas exposure to high concentrations (1000 mg l 21 ) increases it (Mandich et al. 2007) . Alterations in concentrations of circulating steroids have also been reported in juvenile turbot (Psetta maxima), exposed to 59 mg BPA l 21 (Labadie & Budzinski 2006) . This effect is likely to result from alterations in the levels of steroidogenic enzymes, or their enzymatic activity catalysing the synthesis and/or metabolism of these hormones and/or displacement of oestradiol from sex steroid-binding globulins (reviewed in Crain et al. 2007) . The biological consequences of induced changes in the ratio between oestrogens and androgens are wide ranging and may include masculinization or feminization of organisms, and/or alterations in other processes regulated by these hormones (including growth, bone morphogenesis, insulin signalling, neural development, cell division and apoptosis).
Studies in fish, as in some invertebrates, have also provided evidence for differential species sensitivities for exposure to BPA. For example, in exposures of Atlantic cod (Gadus morhua) and turbot (Scophthalmus maximus) to 59 mg BPA l 21 via the water, VTG and ZRP were more highly induced in the cod than in turbot . A possible reason for the differences in species sensitivity is in the rate of metabolic transformation of BPA. Supporting this argument, BPA has been shown to be metabolized and eliminated much more rapidly in the zebrafish (D. rerio) than in the rainbow trout (Oncorhynchus mykiss) (Lindholst et al. 2003) .
BPA has also been shown to induce alterations in gonadal development and gamete quality in fish, including at concentrations found in the environment. These effects include alterations in the progression of Review. Effects of plasticizers on wildlife J. Oehlmann et al. 2055 germ cell development in fathead minnow (1 mg BPA l 21 , Sohoni et al. 2001) , alterations in the gonadal structure in male carp (from 1 mg BPA l
) and an enhancement of atresia in oocytes in female carp (1 mg BPA l
, Mandich et al. 2007 ). In addition, in brown trout (Salmo trutta f. fario), exposures to BPA has been shown to cause reduced sperm quality (1.75-2.40 mg BPA l 21 ), delayed ovulation in females (1.75 mg BPA l
) and inhibition of ovulation in females (5 mg BPA l
, Lahnsteiner et al. 2005) . The effects observed for brown trout may have populationlevel implications as they would lead to a delay in breeding, with the risk that offspring would be produced at less favourable seasonal periods. In carp, exposure to very high levels of BPA (1 mg l 21 ) has also been shown to induce intersex (Mandich et al. 2007) . Another reported physiological effect in turbot exposed to BPA (at 50 mg BPA l 21 for three weeks) is an increased micronuclei frequency in erythrocytes, demonstrating the capability of this compound to induce DNA damage in fish (Bolognesi et al. 2006) .
Gene expression studies have been employed with good success for identifying the molecular mechanisms leading to the biological effects of BPA in fish. Studies in Kryptolebias marmoratus (formerly Rivulus m.) have shown that exposure to BPA induces changes in the expression of genes associated with oestrogen signalling, including cytochrome P450 aromatase A and B and ERa but not ERb or androgen receptor (Lee et al. 2006b; Seo et al. 2006) . Similarly, BPA has been shown to induce the expression of ERa in the anal fin of Japanese medaka (O. latipes) (Hayashi et al. 2007) . Studies on carp (C. carpio) exposed to BPA employing gene arrays have reported alterations in the expression of many of the same genes induced by exposure to natural and synthetic oestrogens (oestradiol and ethinyloestradiol), but also some unique genes too (Moens et al. 2006 (Moens et al. , 2007 . Studies on K. marmoratus following exposure to BPA also demonstrated differential expression of large sets of genes and, in particular, genes belonging to the Gene Ontologies representing catalytic activity and binding (Lee et al. 2007) . These studies however, have generally employed high BPA exposure concentrations. BPA has also been shown to modulate the somatostatin system in the brain of teleosts, resulting in deregulation of neuro-hormonal functions linked to the reproductive system (Alo et al. 2005) . Taken together, these molecular mechanistic studies highlight that BPA appears to act predominantly, but not exclusively, through oestrogen signalling pathways in exerting its biological effects on fish.
The biological effects induced in laboratory exposures to BPA are consistent with some phenotypes observed in wild fish living in waters receiving high levels of effluent discharges and containing relatively high concentrations of BPA. Although BPA does not appear to bioconcentrate in fish and can degrade rapidly in the environment (Staples et al. 1998) , it can be metabolized into biologically more active compounds (Ishibashi et al. 2005) . Overall, the available datasets support the contention that BPA may contribute to adverse reproductive health effects in wild fish populations inhabiting contaminated sites.
(iv) Amphibians BPA has been shown to induce a wide range of adverse effects in amphibians. Teratogenic effects have been induced in X. laevis embryos exposed from stage 6 onwards (Oka et al. 2003) , and they include crooked vertebrae, abnormal development of head and abdomen to stage 40 (at an exposure of 2 Â 10 25 M (4.6 mg l 21 )), as well as apoptosis in the central nervous system. When exposures are started later than stage 10, however, no adverse impacts of BPA on survival or development occur (Iwamuro et al. 2003; Pickford et al. 2003; Levy et al. 2004) . Exposure of Rana temporaria to BPA in combination with another stressor, ultraviolet-B (UVB) radiation, has been shown to induce an enhanced effect on tadpole mortality (Koponen & Kukkonen 2002) . The mechanism for this is unknown, but it is not due to an effect of UVB radiation on the accumulation or depuration kinetics of BPA (Koponen et al. 2007) .
BPA has been reported to affect sexual development, causing sex reversal at 10 27 M (22.8 mg l
) in semi-static exposures Levy et al. 2004) , but under flow-through conditions (at an exposure to BPA up to 500 mg l
), no such feminizing effects were found (Pickford et al. 2003) . In the new data presented here, no effects of exposure to BPA (using a flow-through system and spanning concentrations from 228 ng l 21 to 228 mg l ). In addition, BPA also affected growth and body weight; these were significantly increased in males exposed to concentrations of 10 28 M BPA (2.28 mg l
) and above (p , 0.05; Mann -Whitney U-test). This effect on growth was supported by the induction of hepatic IGF-I expression at 10 28 M BPA (2.28 mg l 21 ) and above. In these treatments, there was a significant induction of VTG gene expression in liver at 10 26 M BPA (228 mg l
). In competitive displacement experiments with cytosolic liver extracts of X. laevis, BPA was shown to bind only moderately to amphibian ER . Similarly in VTG-and ER-mRNA induction studies with primary hepatocytes from male X. laevis, BPA was stimulatory at 10 27 M (22.8 mg l
) compared with 10 29 M (272 ng l
) for E2 Lutz et al. 2005) . In another, longer term in vitro study, induction of VTG occurred only at a BPA concentration of 1.1 Â 10 25 M (2.5 mg l 21 ) (compared with 4.1 Â 10 211 M (11.1 ng l
) in the E2 positive control; Nomura et al. 2006 ). Both experimental approaches indicate that BPA is moderately to weakly oestrogenic for VTG and ER induction. BPA has also been shown to significantly reduce basal water absorption of male pelvic patches in the Japanese tree frog, Hyla japonica, a known oestrogenic response (Kohno et al. 2004) .
BPA also affects the thyroid system in amphibians. Exposure to 10 25 M BPA (2.28 mg l
) has been shown to inhibit spontaneous and TH-induced metamorphic changes in X. laevis and suppress TRb gene expression both in vivo and in vitro (Iwamuro et al. 2003) . More recently, in vitro tail cultures of X. laevis have shown to respond to BPA, reducing T3-induced gene expression of TRa and TRb at exposures as low as 10 27 M (22.8 mg l 21 ). In contrast, the T3-induced suppression of RXRg was only moderately affected by exposure to BPA alone . Similar results for effects of BPA on T3-induced metamorphic changes were found by Goto et al. (2006) studying Silurana tropicalis and R. rugosa. In the skin of Rana tagoi, expression of the antimicrobial peptides preprotemporins (normally upregulated by TH) has been shown to be reduced markedly following BPA treatment at 10 28 M (2.28 mg l
) (Ohnuma et al. 2006) , and using transgenic X. laevis embryos bearing a TH/bZIP-green fluorescent protein construct, T3-induced fluorescence was shown to be inhibited by BPA at a concentration of 10 25 M (2.28 mg l
; Fini et al. 2007 ).
CONCLUSION
The datasets reported upon here show that phthalates and BPA can affect both development and reproduction in a wide range of wildlife species. Reproductive and developmental disturbances include alterations in the number of offspring produced and/or reduced hatching success, disruption of larval development and, in insects, delayed emergence. Interphyla differences in responses to plasticizers occur, and as an example, in amphibians, phthalates and BPA disrupt thyroid function impacting on larval development, but no such effects have been reported thus far for fish, even though TH is deposited into fish oocytes and subsequently promotes and regulates larval metamorphosis. Similarly in molluscs, plasticizers have not been found to affect embryo development. There are clear differences in species sensitivity to the effects of plasticizers too. Molluscs, crustaceans and amphibians appear more responsive, with most effects induced in exposures via the water in the low ng l 21 to mg l 21 concentration range. In contrast, effects in fish are generally induced in the higher mg l 21 and mg l 21 range, with the exception of disruption of spermatogenesis by BPA, that occurs in the low mg l 21 range. These taxon-specific effects hamper meaningful comparisons of the relative sensitivities of different phyla to plasticizers.
Given that the biological effect concentrations for plasticizers seen in the laboratory coincide with environmental concentrations, some wildlife populations are probably impacted. To date, however, studies investigating population effects have not been reported, and this constitutes a significant knowledge gap. Furthermore, for invertebrate phyla most highly sensitive to the biological effects of specific plasticizers, long-term exposures should be considered as a research priority. However, only a very limited number of invertebrate phyla have been tested for the effects of phthalates and BPA, and representatives from other, presently neglected, taxa should be considered in the future, including terrestrial species. Mixture effects of plasticizers, as of many other environmental pollutants, are also a much neglected area of study, and given that there are likely to be additive effects, this warrants investigations to assess more accurately their impacts in the environment (see discussion in Koch & Calafat 2009; Teuten et al. 2009; Thompson et al. 2009b) . As a final note, increasingly, investigations into the mechanisms of action of plasticizers are finding that some (e.g. phthalates) can have multiple interaction sites in the body, affecting a wide range of biological processes (see discussion in Meeker et al. 2009; Talsness et al. 2009 ). Thus, a more thorough understanding of the modes of action of these chemicals will help in developing a more comprehensive understanding of their potential for harm and in the identification of the species most vulnerable to their biological effects.
